Fresh waters are particularly vulnerable to climate change because (i) many species within these fragmented habitats have limited abilities to disperse as the environment changes; (ii) water temperature and availability are climate-dependent; and (iii) many systems are already exposed to numerous anthropogenic stressors. Most climate change studies to date have focused on individuals or species populations, rather than the higher levels of organization (i.e. communities, food webs, ecosystems). We propose that an understanding of the connections between these different levels, which are all ultimately based on individuals, can help to develop a more coherent theoretical framework based on metabolic scaling, foraging theory and ecological stoichiometry, to predict the ecological consequences of climate change. For instance, individual basal metabolic rate scales with body size (which also constrains food web structure and dynamics) and temperature (which determines many ecosystem processes and key aspects of foraging behaviour). In addition, increasing atmospheric CO 2 is predicted to alter molar CNP ratios of detrital inputs, which could lead to profound shifts in the stoichiometry of elemental fluxes between consumers and resources at the base of the food web. The different components of climate change (e.g. temperature, hydrology and atmospheric composition) not only affect multiple levels of biological organization, but they may also interact with the many other stressors to which fresh waters are exposed, and future research needs to address these potentially important synergies.
INTRODUCTION: CLIMATE CHANGE AND LEVELS OF BIOLOGICAL ORGANIZATION
Climatic variations occur naturally over seasonal to millennial time scales, yet the unprecedented rates of warming observed in recent decades threaten to undermine the functioning of natural ecosystems, especially when combined with the myriad additional anthropogenic stresses to which many fresh waters are subjected . Climate change itself represents a complex amalgam of stressors, including alterations in temperature (Webb et al. 2008) , elevated atmospheric CO 2 (IPCC 2007) , and increased frequency and intensity of droughts and extreme flow events (Barnett et al. 2005; Milly et al. 2006) . There are also other more subtle associated effects, including invasions and extinctions of species as cold stenotherms are squeezed polewards and onto higher ground by the expansion of eurythermic species (e.g. Krajick 2004 ). Synergies with other stressors could amplify the effects of climate change: for instance, summer droughts will not only lead to elevated temperatures and habitat fragmentation, but they may also exacerbate the impacts of eutrophication and toxins by increasing pollutant concentrations. Our focus in this review, however, is primarily on the more direct impacts of warming per se and, to a lesser extent, rising CO 2 levels, and how these might scale across multiple levels of biological organization, from individuals to ecosystems.
Fresh waters are particularly vulnerable to climate change because they are relatively isolated and physically fragmented within a largely terrestrial landscape, and they are also already heavily exploited by humans for the provision of 'goods and services' (e.g. drinking water and food; Woodward 2009 ). Furthermore, freshwater biodiversity is disproportionately at risk on a global scale, because while fresh waters cover only 0.8 per cent of the Earth's surface, they are home to an estimated 6 per cent of all species (Dudgeon et al. 2006) . From an applied perspective, climate change has the potential to undermine many existing freshwater biomonitoring schemes, which are based largely on responses to organic pollution with little consideration of the increasing influence of climatic effects ). Thus, the ways in which we currently assess 'ecological status' could become increasingly obsolete over time, as the baseline drifts away from earlier (and cooler) reference conditions.
Climate change is arguably the greatest emerging threat to global biodiversity and the functioning of local ecosystems (IPCC 2007) . Although the effects will be felt worldwide, they will not be evenly distributed, with systems at higher latitudes and altitudes experiencing some of the fastest rates of warming on the planet (Hassan et al. 2005) . Fresh waters in these areas can be considered as 'sentinel systems', in the sense that they could provide early warning of wider scale change, and by studying them we are likely to gain better insight into climate change impacts on the more complex (i.e. species rich) systems we find in warmer climatic zones Layer et al. 2010; Perkins et al. in press) . Despite the multitude of studies examining potential climate change effects in fresh waters, however, most have focused on individuals or species populations (e.g. McKee & Atkinson 2000) rather than the higher levels of organization (i.e. communities, food webs, ecosystems) (but see Kishi et al. 2005; Burgmer et al. 2007; Buisson et al. 2008; Friberg et al. 2009; Woodward et al. 2009; Yvon-Durocher et al. 2010) . This is especially true for fresh waters, and this is a cause for considerable concern because climate change will not only affect all organizational levels (e.g. ecosystem metabolism is the sum of all individuals' metabolic rates, which are themselves a function of temperature) but the dominance of ectotherms in fresh waters means the effects of temperature change will be particularly pervasive. Further, it is not necessarily possible to predict ecosystem responses by simply extrapolating from the lower levels of organization, because of the potential for emergent properties to be manifested in these more complex systems (Petchey et al. 2004; Woodward 2009; Walther 2010) .
In this review we address the need to understand biological responses at the higher levels of organization, suggest ways by which we might link these changes to energetic constraints imposed on individuals, and outline the potential for integrating these approaches to develop the more coherent theoretical framework that is needed to predict future impacts. Since energy is arguably the ultimate currency in ecology, and individual metabolism is driven by a combination of body size and temperature (e.g. Brown et al. 2004) , changes in thermal regimes are likely to have profound effects that will ramify through the entire ecosystem. Similarly, temperature has strong impacts on the foraging behaviour of individuals (e.g. increased encounter rates, decreased handling times), which will determine the strength of interactions. Furthermore, it has been suggested that rising temperatures might shift the size spectrum in local communities towards greater dominance by smaller organisms as large individuals are lost disproportionately (e.g. Petchey et al. 1999) , and this has important implication for freshwater food webs, which appear to be far more strongly sizestructured than their terrestrial counterparts Ings et al. 2009 ). These fundamental energetic constraints on metabolism, behaviour, and the architecture and dynamics of trophic networks underpin many of the key points addressed in this review.
SCALES OF STUDY AND LEVELS OF BIOLOGICAL ORGANIZATION
One of the key challenges facing freshwater ecologists is to develop a suite of tools for detecting the impacts of climate change in complex natural systems that can be applied across multiple spatio-temporal scales and levels of organization. We will also need to integrate long-term, empirical survey data with models and manipulative experiments if we are to develop a truly mechanistic, and hence predictive, understanding of responses to future change.
To date, most freshwater climate change research has focused on responses of individuals (e.g. growth and metabolism under warming; Sweeney & Schanck 1977) or focal species populations (e.g. polewards or altitudinal range shifts; Babaluk et al. 2000) . Many data are also correlational and therefore potentially vulnerable to other confounding factors: 'space-fortime' surveys, for instance, often conflate temperature differences with biogeographical or latitudinal gradients. Conversely, microcosm experiments, although they can be controlled and replicated with a high degree of precision, are unable to capture the full range of complexity of natural systems. Clearly, no single approach is perfect and we must make full use of the armoury of techniques at our disposal to address the problem (figure 1).
Some of the earliest biodiversity-ecosystem functioning (B-EF) experiments to investigate the effects of warming were carried out in freshwater systems, albeit under laboratory conditions. Petchey and coworkers (Petchey et al. 1999; Petchey 2000) pioneered much of this field, by carrying out a series of experiments using protist assemblages in microcosms to study trajectories of community change and food web responses to experimental warming. Top predators and herbivores were disproportionately affected, assemblages became dominated by autotrophs and bacterivores, and ecosystem functioning was altered beyond the scale expected solely from predictions based on temperature-dependent physiological rates, owing to changes in the relative abundance of functional groups (Petchey et al. 1999; Petchey 2000) . Similarly, Dang et al. (2009) have shown that warming alters the composition of fungal assemblages, thereby influencing rates of organic matter decomposition. Work on unionid mussels in laboratory experiments has revealed that resource assimilation and key ecosystem properties (e.g. nutrient cycling, benthic-pelagic coupling) carried out by these organisms are also strongly temperature dependent (Spooner & Vaughn 2008) .
More recently, experiments have been carried out on a more ambitious scale, both in terms of the physical size of the arenas, as larger mesocosm studies have gained increasing prominence, but also in the ecological complexity of the systems being studied. Examples include those that formed part of the EU sixth Framework EUROLIMPACS programme involving long-term warming studies carried out in pond mesocosms (e.g. Meerhoff et al. 2007) . Some of these experimental manipulations are still running several years after their inception: 24 ponds in Silkeborg (Denmark) have been warmed continuously since 2003 (Liboriussen et al. 2005) , another set of 20 ambient/warmed ponds at the FBA River Lab in Dorset (UK) have been running since 2006 (Yvon-Durocher et al. 2010) and 48 similar-sized ponds have also been subjected to a comparable level of warming in Ness Gardens at the University of Liverpool (UK) since 1998, albeit intermittently (e.g. McKee et al. 2003) . The former have been used to assess shifts in community structure and ecosystem properties, both of which responded to elevated temperatures, as the ponds tended towards more turbid, planktondominated systems at higher temperatures (Meerhoff et al. 2007) , and the FBA set-up has revealed that warming pushes the systems towards increased heterotrophy and reduced CO 2 sequestration (Yvon-Durocher et al. 2010) .
A few field experiments have been carried out in situ in natural systems, rather than in self-contained experimental arenas. Hogg et al. (1995) , for instance, raised the water temperature of a stream by 2.0-3.58C over 2 years, which suppressed total invertebrate abundance but stimulated growth rates. Barlocher et al. (2008) heated the hyporheic zone of streams by up to 4.38C, a change which accelerated leaf litter decomposition rates, and in turn led to lower abundance and diversity of aquatic hyphomycetes owing to reduced substrate availability. In addition to these more recent field-based manipulations of temperature, it is also worth remembering that a large body of data was collected on the effects of thermal pollution in fresh waters during the 1970s and 1980s (e.g. Langford 1990 ), before global warming per se appeared on the scientific agenda, and these early studies could provide potentially useful new insights if revisited from a climate change perspective.
The associated effects of drought and habitat fragmentation have been less well-studied than those of temperature in the context of climate change, but both are likely to be critical stressors in many fresh waters. A recent study subjected a suite of replicated experimental stream channels to different intensities of drought designed to mimic the likely effects of patch scale dewatering resulting from the reduced flows and increased abstraction predicted for the coming decades (Harris et al. 2007 ). The channel flows were diverted from an adjacent stream, to ensure a common source of water and potential colonists, and each one was divided into three sections that were then assigned to the experimental treatments (unmanipulated controls, three-monthly dewatering and monthly dewatering). In the absence of disturbance, epilithic space was dominated by the green encrusting alga, Gongrosira incrustans. However, droughts consistently reduced the dominance of the green alga, and crust abundance decreased, opening up space for a diversity of mat-forming diatoms (Ledger et al. 2008) . The invertebrate community structure also shifted in the most stressed treatments relative to the controls, with a decrease in large, rare species higher in the food web.
The next step along the gradient of ecological realism from experiments to natural systems (figure 1) Figure 1 . Schematic of studies into climate change impacts in fresh waters arranged along gradients of control, replication and realism, highlighting the links between different levels of organization investigated and the approaches used.
involves the use of 'natural experiments', and geothermally heated systems are useful here, provided other potentially confounding variables (e.g. sulphur contamination) can be avoided. Such systems have proved invaluable for investigating aspects of ecosystem thermodynamics in the past (Brock & Brock 1966 ). More recently, Friberg et al. (2009) explored changes in both community structure and ecosystem functioning (detrital processing and algal production) in a set of 10 Icelandic geothermal streams. The streams spanned an approximately 208C thermal gradient, with no other discernable differences in water chemistry; i.e. temperature was not confounded with other variables. All 10 streams were constituents of the same catchment and linked to the mainstem; thus the local assemblages were derived from the same regional species pool. Friberg et al. (2009) found that both primary production and decomposition rates rose dramatically with temperature, and this was also associated with clear shifts in community structure. In the warmer streams, the herbivore assemblage was dominated by large-bodied and very efficient grazers, in the form of the snail Radix peregra, whereas in the colder streams this niche was occupied by small chironomid midge larvae. This taxonomic change, represented by a functional shift in the community, in turn resulted in stronger top-down control of algal production in the warmer streams. More recently, Woodward et al. (in press ) characterized community structure in 15 of these streams and found that food chain length increased with a temperature change from approximately 5 to 258C, with fish (brown trout, Salmo trutta L.) replacing invertebrates as the top predators in the warmer streams. In addition, mean individual body mass of the trout also increased with temperature, mirroring the increases in the trophic height of the food web. Such natural experiments offer additional potential if they can be combined with field-based manipulations, such as species transplantations or nutrient addition experiments (e.g. Friberg et al. 2009 ). The arena of large-scale empirical surveys is arguably where the most realistic manifestations of ecosystem responses to climate change can be observed, because such studies are able to quantify ambient conditions in natural systems (figure 1). They do suffer, however, from the drawbacks of little or no replication, potential confounding variables and an inability to demonstrate causal relationships unless some form of experimental data is also available. One common approach involves making inferences based on space-for-time substitutions, whereby contemporary systems are sampled along a proxy thermal gradient. Such approaches may be undertaken along latitudinal or longitudinal (e.g. upstream -downstream) gradients or at a series of independent spatial locations within a defined area. The principal limitation is that there are often also underlying confounding gradients in physicochemistry, biogeography or disturbance that can make it difficult to justify extrapolating from such data (e.g. Castella et al. 2001; Johnson & Miyanishi 2008) . Nevertheless, if used carefully, such approaches can provide answers to important parts of the puzzle that cannot be addressed by experiments, which inevitably fail to capture the full complexity of natural systems or to allow for local adaptation (but see Acuna et al. 2008) .
One well-documented use of a space-for-time chronosequence approach involves studies carried out in Glacier Bay, southeast Alaska (e.g. Milner et al. 2000 Milner et al. , 2007 Milner et al. , 2008 , where new streams have been formed following glacier retreat. Water temperature was an important determinant of colonization for many macroinvertebrates in the youngest streams, where remnant ice influences were most evident. Coupled with these data, long-term monitoring (1977-present) of one stream (Wolf Point Creek) has further illustrated clear temperature-dependent thresholds at which these stream ecosystems change fundamentally. Taxon richness over the study period increased with water temperature, but while many species clearly benefited from warmer conditions others were lost. Milner et al. (2008) hypothesized that stream colonization could initially be deterministic (i.e. predominantly temperature influenced) up to approximately 108C. However, several other streams in Glacier Bay with present day thermal regimes similar to Wolf Point Creek now have different macroinvertebrate assemblages, suggesting that beyond this threshold temperature community development becomes more stochastic, owing to combinations of life-history attributes, dispersal constraints and other environmental variables. Predicting the subsequent effects of further warming could therefore become unreliable with empirical chronosequence surveys if ecosystems' trajectories diverge (Johnson & Miyanishi 2008) .
True long-term interannual gradients may be measured in a few instances, where time series of biomonitoring data (e.g. the UK Environmental Change Network; Lane 1997 or the US Long Term Ecological Research Network; Kratz et al. 2003; Layer et al. 2010) or palaeoecological data from sediment cores are available. Unfortunately, the former type of data is extremely rare, with few temporal series spanning more than a couple of decades (e.g. Jeppesen et al. 2003; Milner et al. 2008; Layer et al. 2010) . This makes it difficult to pick up more subtle trends, or to remove non-directional climatic effects (Jeppesen et al. 2003) , such as responses to the North Atlantic Oscillation (e.g. Bradley & Ormerod 2001; Durance & Ormerod 2007 .
There is growing evidence that climatic change can induce phenological mismatches within food chains, whereby trophic interactions between consumers and resources become weakened or broken. Winder & Schindler (2004) examined the effects of warming in Lake Washington, northwest USA, dating back to the early 1960s and found clear disruption of trophic links between phytoplankton and zooplankton. Spring thermal stratification now occurs some 21 days earlier than in the 1960s and the associated phytoplankton bloom has shifted accordingly, but these changes have not been observed for Daphnia, which are no longer sufficiently synchronized with their algal resources to maximize their exploitation of peak food availability.
Palaeoecological data enable us to peer back further through time and certain groups (e.g. diatoms) may be sufficiently well-preserved in the fossil record to permit the reconstruction of assemblages that existed in past centuries or even millennia (Lotter & Birks 2003) .
Indeed, such approaches have revealed that long-term warming is a key driver of changes in Arctic lake communities (Douglas et al. 1994; Sorvari et al. 2002; Michelutti et al. 2003; Smol et al. 2005) . A metaanalysis of 55 sediment cores, collected from lakes in the circumpolar Arctic, has provided compelling evidence of widespread shifts in algal assemblages since 1850 (Smol et al. 2005) . Owing to the remoteness of many sites from human settlements, changes have been attributed to increasing temperatures, longer growing seasons and associated changes in lake physico-chemical properties. Similar patterns have been observed in Alpine lakes, but ascribing these to temperature alone is problematic owing to confounding influences of atmospheric pollution (e.g. Koinig et al. 2002) . Evidence from Arctic cores also indicates compositional changes among herbivorous invertebrates, and Smol et al. (2005) showed that these shifts were not due to new colonization events because the taxa that have undergone recent population expansions have long been present, albeit at low abundance. Rather, it appears that these lakes have seen major regime shifts owing to warming (Brooks & Birks 2004; Smol et al. 2005) , leading to more diverse and productive communities and more complex food webs.
There are limitations to palaeoecological approaches, not least the fact that taxa are preserved differentially and many important groups (e.g. oligochaete worms) are often missing from the fossil record, making it logistically challenging to reconstruct complete food webs (Rawcliffe et al. 2010) . Increasingly, multiproxy techniques are being used to reduce the potential errors associated with focusing on one group of organisms, with more recent studies attempting to integrate diatom, macrophyte and invertebrate data to gain more of a community-level perspective (Battarbee 2000) . As with space-for-time surveys there are potentially confounding variables, but in this case these are related to the temporal gradient: many fresh waters have altered significantly since the agricultural and industrial revolutions, owing to increasing anthropogenic influences (Durance & Ormerod 2009 ). As a result it is often extremely difficult to find extant contemporary systems to compare with those reconstructed from ancient fossil remains (Dunne et al. 2008) . Finally, although this method may be viable in many lakes and wetlands, it is largely useless in most running waters where the sediment is continuously mixed or flushed downstream.
NON-RANDOM SPECIES CHANGE IN FRESH WATERS AND THE FRAGMENTATION OF FOOD WEBS IN TIME AND SPACE
Climate change is clearly altering the composition, diversity and functioning of many freshwater ecosystems, but it is unlikely that species will be lost or gained in a random or a haphazard manner (e.g. figures 2 and 3). The trajectories of community change will be highly non-random, with certain taxa, especially those higher in the food web, typically being more vulnerable to local extinction (Ings et al. 2009; Woodward 2009 ). Essentially, all organisms face the same options as the climate changes: adapt, migrate or perish. However, an organism's success in implementing the first two strategies will depend largely on its life history and dispersal traits in relation to habitat fragmentation and the rate at which its environment changes. For example, it has been suggested that very small organisms (e.g. protists) form panmictic populations, such that almost any given species can be found almost anywhere on the planet, if local conditions are suitable (Finlay & Esteban 2007) . Thus, identical protist taxa can be found in Antarctica, America and Europe, and a single intensively sampled small pond, Priest Pot, in England is home to a large proportion of the global species pool of these microscopic organisms (Finlay 2002; Finlay & Esteban 2007) . By extension, this indicates that as the climate warms, Review. Climate change and freshwater ecosystems G. Woodward et al. 2097 many so-called 'cryptic taxa' that are usually hidden within what is effectively a global seed bank could manifest themselves by emerging from their resting phases as environmental conditions better approximate to their optima (e.g. Esteban & Finlay 2003; Smol et al. 2005) , and start interacting with other members of the food web.
This does not apply, however, to taxa higher in the food web, whose regional species pools are more restricted in their distribution by the dispersal ability of the constituent members. Insects, which dominate many freshwater food webs, have the advantage of an aerial adult phase, which enables them to mitigate dispersal constraints, at least to some extent (e.g. Masters et al. 2007) . A simple analysis relating the latitude of various streams in North America and their annual degree days showed that a 48C increase in stream temperatures would displace the regression line by approximately 680 km northwards, indicating the distance required for the biota to maintain populations in fresh waters at their current thermal regime (Sweeney et al. 1992) . Surprisingly little is known about the ability of aquatic organisms to colonize new areas, but it appears that only a few gravid females may be required to populate a water body Petersen et al. 2004; Wilcock et al. 2007) and even large, physical barriers such as mountain ranges and narrow coastal straits between islands may be insufficient to prevent this from occurring (Milner et al. 2000 . For smaller invertebrates (e.g. meiofaunal copepods), habitat availability might be a stronger determinant of establishment success because dispersal ability may be high owing to movement of these organisms by birds and mammals acting as vectors (Robertson & Milner 2006 ).
Other taxa are even more limited in their ability to move between systems: fish for example remain in their aqueous medium for their entire lives, and because relatively few species in either group have the physiological capacity to move between fresh and saline water many populations are effectively 'landlocked'. These taxa must therefore either adapt to changing environmental conditions or perish, and many cold stenotherms such as Arctic Charr (Salvelinus alpines) appear to be in a particularly precarious position as global temperatures rise (Rouse et al. 1997) . Fish migration within river systems is also often severely restricted by habitat fragmentation resulting from man-made obstacles (e.g. Zwick 1992) , and this could be exacerbated further if localized droughts are induced by climate change. These differential abilities of species to persist within changing ecosystems suggest that many local food webs are likely to undergo radical restructuring in the face of climate change (Babaluk et al. 2000) . This could lead to spatial disconnections between consumers and resources, in addition to any phenological separation arising owing to altered life histories (McDonald et al. 1996) .
Latitudinal differences in the effects of climate change are also important in this context (IPCC 2007) , as restructuring of aquatic assemblages is generally predicted to be observed first at northern high latitudes where the magnitude of warming and disruption to the hydrological cycle are predicted to be greatest. Potentially, some species populations, especially those of cold-adapted stenotherms, are likely to be extirpated from some areas as thermal tolerances are exceeded (Wrona et al. 2006) . Hence, many high-latitude species are currently close to their physiological limits and are likely to experience dramatic range contractions, as space for tracking suitable thermal conditions diminishes. However, an interesting paradox arises here: although systems at high latitudes face greater rates of change, they typically experience greater natural annual climate variability. Thus, ectotherms at high latitudes (at least from terrestrial systems; Deutsch et al. 2008) appear to show broader thermal ranges than organisms in the tropics and therefore might be better able to withstand extreme thermal events over shorter time scales.
The effects of warming are expected to be particularly marked in cold high altitude/latitude systems (Barnett et al. 2005; Wrona et al. 2006; Brown et al. 2009; Milner et al. 2009 ) owing to the strong linkages between climate, cryospheric processes (e.g. snow and ice-melt) and community structure ). In the current phase of climate warming, many glaciers worldwide are shrinking, and loss of snow and ice is expected to alter the dynamics of river basin runoff leading to warmer water temperatures and greater community abundance and diversity . Studies along spatial gradients of decreasing snowmelt influence (thus increasing water temperature) in alpine rivers illustrate the potential for future climate change to lead to larger food webs with broader body size spectra, increased primary and secondary production, and wider diets among predatory invertebrates (Lavandier & Décamps Hypothetical unimodal relationship between local species richness and temperature. In relatively equitable environments, where most species are close to their thermal optima, we might expect richness to decline with warming (trajectory B). However, this scenario is unlikely to be ubiquitous: in systems close to the physiological limits of existence for most organisms (e.g. in polar regions: trajectory A), increases in temperature may lead to rises in local richness following invasion by less cold-tolerant species. This scenario, however, implies a loss of global diversity as specialist cold stenotherms are replaced by the more diverse eurytherms.
1983; figure 2). The retreat of glaciers will also create new habitats for some freshwater species ), but many others will be unable to adapt. For example, Brown et al. (2007) outline how some endemic cold stenotherms in Pyrenean glacier-fed rivers are likely to become extinct as the small remnant ice masses on which they depend disappear. Hari et al. (2006) have also documented declines in alpine brown trout populations as suitable habitats shrink. The food web and ecosystem-scale ramifications of these species losses have yet to be examined in detail. Figure 1 highlights the impacts of climate change upon different levels of organization, the methods commonly used to investigate biological responses in fresh waters and connections between levels. Figure 4 illustrates some of the potential impacts of warming in line with predictions and arguments based on three main theoretical approaches: metabolic allometric scaling (MS), ecological stoichiometry (ES) and foraging theory (FT). This highlights commonalities and a few intriguing discrepancies between the three approaches, which we address below. One way in which we might derive a new more integrated theoretical framework is to consider what constrains individual organisms, since the higher levels are all ultimately composed of numerous interacting individuals. A promising place to start, and one that is particularly pertinent to climate change, is to consider the relationship between individual metabolism and body size (Brown et al. 2004; Ings et al. 2009 ). This allometric scaling association is very tight, with a central tendency of slopes of 3 4 over many orders of magnitude of body size, from protists to large vertebrates (Peters 1983; Brown et al. 2004 ). Since energy is a key currency in ecology, this strong temperature dependence of individual metabolism has important implications that ramify to the higher, more complex levels of organization (e.g. wholeecosystem metabolism; Woodward et al. 2005) . It has been suggested that the reason for the prevalence of approximate quarter-power law scaling of so many ecological processes with body size is directly related to the metabolic constraints imposed by fractal resource supply networks with similar sized termini (e.g. capillaries in animals) irrespective of an organism's size (Brown et al. 2004) . While the existence of this underlying mechanism is still hotly debated (e.g. Clarke 2006 ), it provides a useful heuristic framework, and the ubiquity of allometric scaling relations and the influence of temperature on metabolism cannot be denied. As such, MS offers a potentially powerful means of linking individuals to populations, communities and ultimately to food webs and ecosystems (e.g. Petchey et al. 2008; Berlow et al. 2009 ).
LINKING ACROSS SPATIO-TEMPORAL SCALES AND LEVELS OF ORGANIZATION: FROM INDIVIDUAL METABOLISM TO WHOLE-ECOSYSTEM RESPONSES
Essentially, because individual basal metabolic rate (BMR) is set by body size and temperature, respiratory costs will rise as BMR increases, and this will be most pronounced among larger organisms at higher temperatures (Brown et al. 2004;  figure 4a ). Body size per se also determines both food web structure (e.g. hierarchies of feeding niches; diet width) and dynamics (e.g. interaction strength), and temperature determines many key ecosystem process rates directly. Metabolic scaling theories have sought to couple both well-established body size allometries (e.g. Peters 1983) and temperature scaling based upon fundamental physical principles (e.g. Brown et al. 2004) , enabling predictions to be made over multiple levels of organization. For instance, individual body-mass versus metabolism relations mean that mass-abundance scaling is predicted to follow a 2 3 4 power law within trophic levels (figure 4b). Steeper scaling is predicted in multitrophic communities, however, because energy is lost between trophic levels (figure 4c). Rates of resource turnover in ecosystems are predicted to scale with body mass to the 2 1 4 power (figure 4d), the same as for mass specific metabolic rate. Thus, an assemblage comprising of smaller individuals should process metabolic substrates faster than an assemblage of equivalent total biomass comprising solely large individuals (figure 4e).
Non-random species losses will be evident in many local communities, with large, rare species high in the food web being among the first to be lost as temperatures rise (e.g. Petchey et al. 1999) . As smaller, faster growing organisms become increasingly dominant, this could alter food web dynamics profoundly (e.g. Strecker et al. 2004) . However, it is important to consider that food web response will be observed across a spectrum of thermal regimes; freshwater systems that are currently at the colder end of the spectrum and under physiological stress (e.g. those at high altitude/ latitude fed by snow and ice) are likely to be invaded by more and larger organisms as temperatures rise (Milner et al. 2009 ). As a more productive resource base forms and the richness of these communities increases, these changes should theoretically result in increased food chain lengths, broader size spectra and fewer generalist feeders (e.g. Friberg et al. 2009 ). Within the food web, life-history traits of populations will change owing to metabolic constraints (Winder & Schindler 2004) , leading to potential phenological disconnections between consumers and resources in food chains (i.e. the match-mismatch hypothesis; Durant et al. 2007) . These changes will be particularly pronounced in highly seasonal environments where growth and reproduction are concentrated in distinct periods of the annual cycle (e.g. cold environments during ice-free periods; Smol et al. 2005) .
Foraging theory (FT) has been proposed as a means for predicting resource-partitioning among species, or among size classes within species. Recent advances using this approach have been made by acknowledging that maps of foraging decisions being made by individual consumers lie embedded within a food web (Beckerman et al. 2006; Woodward & Warren 2007; Petchey et al. 2008) . Like MS, individual body size is central to FT, but in addition to energy requirements, the ability to find, capture and process food as well as the ability to avoid predators is used to predict interactions between consumers and resources (Persson et al. 1998 Review. Climate change and freshwater ecosystems G. Woodward et al. 2099 Phil. Trans. R. Soc. B (2010) is predicted (Brown et al. 2004) . As individual metabolic rates rise, warming is likely to result in a decrease in total biomass, given steady-state conditions (Brown et al. 2004) . (c) Body-mass-abundance relationships across trophic levels (solid line), where a scaling exponent b ¼21 is predicted (Brown et al. 2004; Woodward et al. 2005) . In addition to changes in total biomass (dashed line), warming should induce transient changes in body size spectra as large, rare species high in the food web are lost first (e.g. Petchey et al. 1999; dashed arrow) . In contrast, in very cold systems under physiological stress, warming could stimulate productivity, allowing food chains to lengthen and the size spectrum to broaden (Lavandier & Décamps 1983; Friberg et al. 2009; Milner et al. 2009; solid arrow). (d) Relationship between rates of resource turnover and average consumer body mass (solid line). Resources flux faster through assemblages of small individuals: the exponent of this relationship follows that of mass-specific metabolic rates, b ¼ 2 1 4 (Brown et al. 2004 ). Thus, warming will elevate process rates and changes in community size structure will also have consequences at the ecosystem level (bi-directional arrow). (e) Per capita foraging capacity (solid line) increases with body mass with an exponent b , 1 (Persson et al. 2000; Bystrom & Andersson 2005) . Warming will elevate individual foraging rates (dashed line) (Woodward & Hildrew 2002) . ( f ) Critical resource density (CRD), whereby energy intake balances metabolic demands, increases with increasing body size (solid line). Within a population, this could give smaller individuals a competitive advantage (Persson 1985) as warming should increase the CRD required by consumers (dashed line) and may further favour small individuals in the population (solid arrow). (g) Predation matrix describing a food web with resources (rows) and consumers (columns) (e.g. Beckerman et al. 2006) , ordered in body size bins. Circles denote realized feeding links, and those below the 1 : 1 line indicate consumers feeding on resources smaller than themselves (Petchey et al. 2008) . Here, the largest consumer displays adaptive feeding on successively smaller resources (open circles) as a result of size-dependent foraging and higher metabolic offset with warming (solid arrow). (h) Mass-specific resource use decreases with body mass (solid line) and is likely to be displaced by warming (dashed line) in a comparable manner to the relationship predicted by MS (d). Similarly, associated changes in community size structure have consequences at the ecosystem level (bi-directional arrow). (i) Per capita rates of exploitation of a given resource may (a) increase with increasing consumer-resource stoichiometric imbalances (e.g. C : N or C : P ratios) if individuals feed in a compensatory manner (dotted line), or (b) are temporally impaired if consumers switch to alternative resources (dashed line) (e.g. Sterner & Elser 2002) . ( j) Increased inefficiencies resulting from consumer -resource stoichiometric imbalances should slow population biomass growth rates (e.g. Tuchman et al. 2002; dotted line) . These effects might be mitigated to some extent if stoichiometric demands can be met by switching to alternative resources (e.g. herbivory versus detritivory, after Ledger & Hildrew 2001 ; dashed line). (k) Body mass -abundance relationships (solid line) comparable to those predicted by MS (c). The scaling exponent could increase if assimilation efficiency across trophic levels is reduced via lower nutritional quality of resources and suppressed biomass production (e.g. Tuchman et al. 2002; dashed line) . (l ) Ecosystem rates of resource turnover increase (at least transiently) with increasing stoichiometric imbalances due to the compensatory feeding performances of individuals (dotted line), or decrease due to resource switching and/or reduced biomass production (dashed line).
2008). The ability to gain energy can be separated into two size-dependent components: the search efficiency (encounter rate, attack rate) and the capacity to process food (handling; Lundberg & Persson 1993; Persson et al. 1998) : together these make up the foraging capacity of an individual (Bystrom & Andersson 2005; Bystrom et al. 2006) . The results of recent studies have revealed how complex food webs can arise from simple rules related to FT (Beckerman et al. 2006; Petchey et al. 2008) , but the effects of temperature are yet to be fully incorporated in these new models, despite its strong influence on foraging rates (e.g. Persson 1986; Woodward & Hildrew 2002) . Prey selection patterns, however, cannot necessarily be extrapolated to other temperatures since different components of the predation sequence may scale differently with temperature (Persson 1986) , and this represents an important gap in our current knowledge. This is especially pertinent in the context of climate warming because fresh waters are composed predominately of ectotherms, whose foraging and metabolic rates will be determined largely by ambient temperatures.
The strong size dependencies in foraging capacity and metabolic requirements could potentially constrain an organism's competitive ability (Persson 1985) . For instance, the body mass scaling of foraging capacity increases with an exponent of less than unity (Persson et al. 2000; Bystrom & Andersson 2005;  figure 4e ), so the critical resource density (CRD) at which energy intake balances metabolic demands increases with body size (Persson et al. 2000; Bystrom & Andersson 2005) . When differently sized individuals of the same species compete for resources, the smaller individuals may therefore have an advantage (Persson 1985 ; figure 4f ) if they can grow and sustain themselves at a lower resource level than larger conspecifics (Lundberg & Persson 1993; Persson et al. 1998) . Mesocosm and in situ experiments have shown that the metabolic demands of Arctic Char increase with temperature at a faster rate than their foraging capacity (Bystrom et al. 2006) . If warming increases CRD disproportionately for larger individuals, adaptive foraging by exploiting a larger size range of prey might be able to mitigate these energetic requirements (figure 4g). Temperature-dependent shifts in competitive interactions have also been shown in experimental studies on zooplankton (Lynch 1978) and fish (Persson 1986) , reflecting size-related differences in temperature optima for growth.
A third body of theory, ecological stoichiometry (ES) has also sought to explain trophic interactions, but unlike MS and FT this is based upon principles of mass balance for multiple chemical elements (Sterner & Elser 2002) . Here, in contrast to energy being the focal biological currency, the role of molar ratios of essential chemical elements (primarily C, N and P) is seen as key to mediating consumer -resource interactions. This framework could therefore provide novel insights into aspects of climate change related to increases in atmospheric CO 2 concentrations, which are predicted to double by the end of this century (IPCC 2007) . Elevated CO 2 levels have been associated with an increase in stoichiometric imbalances in carbon : nutrient ratios of primary producers (Norby et al. 2001) . Terrestrial leaf litter which is a critical basal resource in many fresh waters, is therefore likely to become considerably more recalcitrant in the future, as its relative carbon content rises (e.g Tuchman et al. 2002) . If C : N and C : P ratios rise among detrital resources, consumers will need to feed faster to extract the same amount of nutriment (Sterner & Elser 2002) or switch to an alternative resource, such as algae (figure 4i).
Algal grazing by facultative herbivore-detritivores could increase interspecific competition with specialist herbivores and this might ultimately lead to competitive exclusion of certain taxa: analogous scenarios can be found in response to pH, whereby generalist stoneflies are squeezed out of local assemblages by specialist herbivores (mayflies and snails) that are more efficient exploiters of algal resources at higher pH (Woodward 2009) . If diet switching is not feasible and feeding rates cannot be elevated sufficiently by increased activity, then metabolic costs of nutrient acquisition will rise, potentially leading to a slowing of biomass growth rates of individuals (figure 4j) and, by extension, of secondary production within the food web as a whole (Tuchman et al. 2002) . In turn, stochiometric mismatches between consumers and resources could lead to disconnections and restructuring of trophic interactions, not only altering the architecture of aquatic food webs but also the rate of flux of nutrients to the higher trophic levels (figure 4k). This could also lead to increases in the relative importance of autochthonous algal-based pathways in the food web owing to greater carbon availability, potentially weakening the stabilizing effect of 'slow' detrital-based pathways (Rooney et al. 2006) .
UNIFYING CONCEPTS WITHIN A BIODIVERSITY-ECOSYSTEM FUNCTIONING CONTEXT
A plethora of B-EF studies over the past two decades have revealed clear positive relationships between biodiversity and key ecosystem processes (see Giller et al. 2004; Woodward 2009 and references therein). However, the unprecedented rates of climate change (IPCC 2007) and global biodiversity loss threaten to disrupt such relationships and hence the supply of valuable ecosystem 'goods and services' (Woodward 2009 ). While such research has provided invaluable insights into the form of B-EF relationships, and bridges pure and applied science by linking ecological theory to conservation objectives (Schwartz et al. 2000) , few studies have examined how these relationships might shift in response to climate change.
Since B-EF experiments aim to assess how biodiversity (genetic, taxonomic and functional diversity) mediates ecosystem processes, it is essential to be able to quantify the relevant traits of the organisms that are driving the process in question (Reiss et al. 2009 ). Body size is an obvious and easily measured functional 'trait' that determines an individual's (and ultimately a population's) contribution to many critical process rates (e.g. nutrient cycling, biomass Review. Climate change and freshwater ecosystems G. Woodward et al. 2101 production) via the allometric relations and foraging constraints described above. For instance, an individual's use of resources is largely dictated by its metabolic needs (figure 4a) and this can be scaled up to the wider consumer assemblage (figure 4d). Despite this, most freshwater B-EF research has either controlled for biomass a priori or effectively ignored the effects of body mass altogether.
A few examples from experiments employing proxy assays of 'ecosystem metabolism' (such as leaf litter decomposition) have sought to correct for the metabolic capacity of consumer assemblages via allometric scaling (e.g. McKie et al. 2008) , thereby partitioning this from any potential species richness or identity effects per se. However, in such cases an average body size per species is applied, thus losing much of the individual-based information required to scale up to the assemblage level: whether total assemblage biomass is made up of small or large individuals is important here because differences in mass-specific metabolic rates (figure 4a,d) need to be scaled with temperature to assess the metabolic capacity of the system as a whole. Such an approach would provide an explicit link between individual metabolism and high-level effects of biodiversity and species identity, which could then be separated via variance partitioning techniques (Reiss et al. 2009 ). Quantifying individual body size allows a range of null models to be created, against which the importance of different components of biodiversity (i.e. species traits, identity, richness and interactions) on ecosystem processes can be quantified (e.g. figure 4d) .
Metabolic scaling provides a theoretical framework that links individuals to ecosystem level processes; but its integration into B-EF research has yet to really emerge (but see McKie et al. 2008) , in contrast to the more extensive embedding of such approaches within food web research (e.g. Emmerson et al. 2005; Berlow et al. 2009 ). Freshwater systems are well-suited to such an approach because individual body size can be quantified relatively easily for many taxa (Woodward 2009 ). Other recent theoretical approaches have attempted to advance the field even further, by integrating MS and ES to better predict the cycling of nutrients across organizational levels (Allen & Gillooly 2009 ). Essentially, these new ideas combine the two fundamental biological currencies of energy and matter. Again, while ES has become increasingly integral to a range of food web and ecosystem functioning studies (Elser & Hessen 2005; Hladyz et al. 2009) , it remains largely absent from freshwater B-EF research per se (Woodward 2009) . A novel application in this context could include an additional covariate relating to the elemental ratios (i.e. C : N and C : P) of consumers and resources being incorporated explicitly into the design and analysis of B-EF experiments. Quantified measures of consumerresource C : nutrient imbalances (or mismatches) could be used to gain insight into the nutrient requirements of consumer assemblages on different resource types (e.g. Hladyz et al. 2009) . Potentially, such measures could then be combined with the metabolic capacity of assemblages (derived from body size and temperature scaling) to account for energetic and nutrient demands from which the strength of any residual variation explained by biodiversity effects can be assessed. Such approaches could provide a powerful integrative framework in which to predict the potential synergistic effects of climate-induced shifts in basal resource quality, from both a metabolic and stoichiometric perspective. Foraging theory is also relevant within this context: for instance, to predict shifts in adaptive feeding via switching behaviour of consumers in response to changing resource quality and quantity.
Finally, if we are to extrapolate B-EF relations across the large biogeographical scales over which climate change operates, we will also need to consider the role of intraspecific variation as a driver of ecosystem functioning (Schmid et al. 2002) . For instance, species-level responses to temperature changes may be modulated at the individual level, via adaptation within populations to local environmental conditions (McKie et al. 2004) , but this level of intraspecific genetic biodiversity has yet to be considered in B-EF climate change experiments. This is particularly pertinent in cold regions, which are often characterized by relatively low intraspecific genetic diversity, at least among the macrofauna (e.g. Costello et al. 2003) and, by implication, reduced ability to adapt to the rapid warming that is predicted in the coming decades.
ADDITIONAL DRIVERS AND SYNERGIES
To date, vanishingly few studies have considered the potential influence of synergies between components of climate change (e.g. warming, and atmospheric and hydrological changes) and with other biotic and abiotic stressors (e.g. eutrophication, acidification, overexploitation of fisheries) in aquatic ecosystems (but see Moss et al. 2003) . For instance, beyond compositional shifts within local assemblages, climate change will also offer opportunities for new species to invade (Rahel & Olden 2008; Milner et al. 2009 ) and this could cause disruption to ecosystems and 'goods and services' they supply. In temperate regions, as the vectors of previously tropical diseases move polewards, they will carry with them the vast financial costs of medical care for the recipient human populations (McMichael et al. 2006; Rahel & Olden 2008) .
Non-additive responses to multiple stressors could either amplify or mitigate the effects of climate change (Giller et al. 2004; Feuchtmayr et al. 2009 ). For example, warmer temperatures could increase the summer, yet decrease the winter, likelihood of anoxia (Rahel & Olden 2008) , whereas nutrient inputs derived from run-off will be higher under wetter conditions (Hessen et al. 1997) , thus making interactions between climate change and eutrophication difficult to gauge without direct experimentation. The use of wholesystem mesocosm experiments, such as those in Denmark (e.g. Liboriussen et al. 2005) and England (e.g. Moss et al. 2003; Yvon-Durocher et al. 2010) , seem particularly well-suited to addressing these questions at an appropriate scale and organizational level, and some have already revealed important interactions between the effects of nutrient enrichment and warming on ecosystem functioning and community structure (e.g. Feuchtmayr et al. 2009 ).
SUMMARY
If we are to predict future impacts of climate change in fresh waters, we need to achieve a better mechanistic understanding via the application of models, experiments and survey data across multiple scales and levels of organization. Developing a more unified theoretical framework is a challenging task and the integration of metabolic, stoichiometric and foraging theories that can be scaled from individuals to more complex biological entities, including entire ecosystems, offers a potentially promising way forward (Ings et al. 2009; Reiss et al. 2009 ).
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